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ABSTRACT: We compiled data from eight field studies conducted oo
between 1998 and 2010 in Europe, Siberia, and Australia to derive
thresholds for the effects of pesticides on macroinvertebrate
communities and the ecosystem function leaf breakdown. Dose—
response models for the relationship of pesticide toxicity with the
abundance of sensitive macroinvertebrate taxa showed significant
differences to reference sites at 1/1000 to 1/10 000 of the median
acute effect concentration (ECS50) for Daphnia magna, depending on
the model specification and whether forested upstream sections were
present. Hence, the analysis revealed effects well below the threshold
of 1/100 of the ECS50 for D. magna incorporated in the European
Union Uniform Principles (UP) for registration of single pesticides.
Moreover, the abundances of sensitive macroinvertebrates in the
communities were reduced by 27% to 61% at concentrations related
to 1/100 of the ECS50 for D. magna. The invertebrate leaf breakdown rate was positively linearly related to the abundance of
pesticide-sensitive macroinvertebrate species in the communities, though only for two of the three countries examined. We argue
that the low effect thresholds observed were not mainly because of an underestimation of field exposure or confounding factors.
From the results gathered we derive that the UP threshold for single pesticides based on D. magna is not protective for field
communities subject to multiple stressors, pesticide mixtures, and repeated exposures and that risk mitigation measures, such as
forested landscape patches, can alleviate effects of pesticides.

H INTRODUCTION ratio of 100 that relates to a concentration of 1/100 of the
Freshwater ecosystems are among the most threatened median effect concentration (ECS0) for Daphnia magna are
ecosystems in terms of species extinctions and losses in unlikely to cause notable effects.” However, the joint effects of
ecosystem services. One of the major stressors for these multiple stressors, including mixtures of pesticides* are rarely
ecosystems are pesgicides, which are introduced via point and considered in mesocosm studies,’ though they may influence
nonpoint sources.” An efficient protection of freshwater effect thresholds.® Indeed, a field study conducted in 20

ecosystems requires the determination of a reliable threshold
value for the effects of pesticides. For example, the Uniform
Principles (UP) of the European Union (EU) state that for a
single pesticide “no authorization shall be granted if the

agricultural streams showed a significant change in community
structure already at an acute toxicity/exposure ratio for D.
magna in the range of 100—1000 for the most toxic

toxicity/exposure ratio for fish and Daphnia is less than 100 for compound.”

acute exposure [..]”.> A review of mesocosm studies on the

effects of single insecticides (carbamates, organophosphates, Received: November 8, 2011
and pyrethroids) by Wijngaarden et al.® suggested that this Revised:  March 10, 2012
safety factor would be protective. They reported that insecticide Accepted: March 28, 2012
concentrations below the above-mentioned toxicity/exposure Published: March 28, 2012
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Table 1. Study Regions with Number (No.) of Sites, Biological End Points Reported, Number of Pesticides Measured and

Range of Toxic Units (TU) Included in This Study

no. pesticide monitoring  no. of pesticides  lowest log TU  highest log TU
region sites biological end points reported methods measured reported reported ref
South Finland 13 SPEAR,,4mce SPEARPoy shundance and PS and SPS 10 -5 -43 17
invertebrate leaf breakdown
Brittany, France 16  SPEAR,,undancer SPEARPpy bundance and EWS, PS, and SPS 10 =5 —0.4 17
invertebrate leaf breakdown
Central 20 SPEARudmee 2 EWS 21 -5 -07 7
Germany
Victoria, 24 SPEAR-pestlcldes and invertebrate leaf GWS, PS, and 97 -3.5 -0.2 8, 19
Australia breakdown sediment
Island Funen, 14 SPEARPeSmdes and invertebrate leaf EWS, GWS, and 31 —6.6 -1.7 22,
Denmark breakdown sediment 23
Flanders, 7 SPEAR[%]® 0° 18
Belgium
North Germany 11  SPEAR[%]” 0° 18
Siberia, Russia 6" SPEAR,.i° 0° b

“Only reference sites included (sites 3, 5, 6,7, 9, and 10 of original publication®®). bReported indicator values were calculated according to Liess and
von der Ohe.” For this study, the SPEAR . iciqes values were calculated from the original data as described below. “For this study, the SPEAR .cides
indicator was calculated from the original data as described below. 9pS = passive sampling, SPS = suspended particle sampling, EWS = event-driven
water sampling, GWS = grab water sampling “Sites were considered as having no pesticide contamination. See references for details.

Beside effects on the structure of freshwater communities,
pesticides can impede important ecosystem functions such as
leaf breakdown® that represents the main energy source in
freshwater ecosystems beside gross primary production.”
However, to which extent effects on biota propagate to effects
on ecosystem functions has been ranked as one of the most
important research questions for the conservation of biological
diversity.'® Theoretically, the biotic community and ecosystem
functions can be linked in four ways.'" First, in a near linear
way implying effects on biota would lead to a similar decline in
ecosystem functions. Second, there may be functional
redundancy in the community and no effects on ecosystem
functions would occur up to certain thresholds. Third, the loss
of most species may be compensated whereas the loss of a few
so-called keystone species or ecosystem engineers would result
in changes in ecosystem functions. Thus the effects depend on
the identity of the species lost. Fourth, a chemical may alter the
functional capacity of species and hence affect ecosystem
functioning without alteration of the community."”” It is
unknown which of these models applies for the relationship
between effects of pesticides on biota and on ecosystem
functions and whether this relationship would be universal.

Species traits have been suggested as a stressor-specific tool
in ecological risk assessment'>'* as they allow for a mechanistic
link between stressors and communities, even under conditions
of multiple stressors.”>'® The SPEcies At Risk (SPEAR)
indicator for pesticides’ relies on species traits to calculate the
fraction of pesticide-sensitive species in macroinvertebrate
communities. The SPEAR index has been successfully linked
to pesticide toxicity and the leaf breakdown rate in field studies,
while being generally discriminative toward co-occurring
stressors in agricultural regions,”"*'”~"* as well as applicable
over different biogeographical regions.'” ™" The latter is
especially important because it enables the meta-analysis of
studies from different regions.

In this study, we determined thresholds for the effects of
pesticides on freshwater ecosystems from a meta-analysis of
field studies. Therefore, we compiled data from various field
studies in different regions on the effects of pesticides on
freshwater macroinvertebrate communities as detected using
the SPEAR approach as well as on the ecosystem function leaf

breakdown. Macroinvertebrate communities were selected as
structural end point since (a) they belong to the most sensitive
group of organisms to pesticides in freshwater communities,
(b) trait-based approaches in freshwater ecology are most
advanced for macroinvertebrates, and (c) there is a paucity of
field studies on the effects of pesticides on other groups of
biota.° In addition, we examined how effects on the structure,
in terms of the fraction of pesticide-sensitive species in the
communities, are related to effects on the important ecosystem
function of leaf breakdown.*

B EXPERIMENTAL SECTION

Selection and Description of Field Studies. The
following inclusion criteria were used for the selection of field
studies on the effects of pesticides: (1) at least 5 different
streams monitored, (2) selection of pesticides for chemical
analysis that are most likely to represent a risk to macro-
invertebrates in the respective region based on recommended
pesticide use information for the respective year (and region)
sampled, available toxicity data for D. magna or results from
previous monitoring programs [see 7, 17, 19] and (3) the
SPEAR values or leaf breakdown rates reported. In addition, we
included reference sites from studies, where SPEAR values were
reported (Table 1). We focused on studies reporting the trait-
based SPEAR indicator, because in contrast to taxonomical data
this indicator has been demonstrated to be applicable over
different biogeographical regions.'”'® However, we are not
aware of other studies that met the first two criteria and
presented macroinvertebrate community data to assess the
effects of pesticides. For example, one study encompassing 29
different streams”' was not included since only sediment
concentrations for a limited set of pesticides were reported and
the total sediment concentration of the monitored pesticides
was used as a proxy for nonmonitored pesticide concentrations.
Overall, 8 studies conducted between 1998 and 2010 (study
duration between 2.5 and 36 months) with a total of 111 sites
were included in the present study, of which 6 studies were
conducted in different regions of Europe, and a study in each of
Australia and Siberia (Table 1). Except for reference sites which
were predominantly located in forested areas, the sites in the
studies were located in agricultural areas. The sites were
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selected to not receive discharge from wastewater treatment
plants, industrial facilities or mines in order to exclude the input
of toxicants other than pesticides. The pesticide monitoring was
adjusted (1) to capture episodic runoff events and (2) to the
properties of the pesticides selected for chemical analysis in the
particular study. The selected pesticides varied among the study
regions due to differences in crops, pests and authorized
pesticides (Table 1).

Data preparation. Environmental concentrations of
pesticides were scaled to acute effects of D. magna calculating
Toxic Units (TU)*® by dividing the compound concentration
with the respective 48-h median effect concentration (ECS0)
for D. magna. Dose—response modeling was used to evaluate
the relationship between TU and SPEAR, which represent
pesticide toxicity and community change, respectively. The
TUs used here were given as the maximum TUs of all
pesticides across samples per site in the original studies and
were reported to have similar explanatory power for biotic end
points as the sum of TUs of all pesticides across each or all
samples per site.”'”?® The maximum TU represents the
simplest approach because the estimated pesticide toxicity relies
solely on the most toxic pesticide concentration observed per
site, whereas all pesticide concentrations per sample or site
contribute to the calculation of the sum of TU. Carbamate and
organophosphate insecticides and several fungicides were
predominantly responsible for the maximum TU in the sites
(Supporting Information Table S1).

We used the modified version of the original SPEAR
indicator’ as described in Schifer et al.'” (therein referred to as
SPEARpy sbundance) t0 compare the indicator values between
different biogeographical regions. For terminological clarity, we
refer to this indicator as SPEAR,es in the following as
suggested by Beketov et al.>’ For sites for which this version of
the SPEAR indicator was not reported (Table 1), we calculated
the indicator according to:

Z:’zllog(xi + l)y
Zin:llog(xi +1)

pesticides —

SPEAR

where 7 is the number of taxa observed in a sampling site, x; is
the abundance of taxon i and y is 1 if taxon i is classified as
Species At Risk (SPEAR) regarding the traits “physiological
sensitivity” and “dispersal capacity”, otherwise 0. The trait data
used were derived from the database associated with the
SPEAR online calculator (http://www.systemecology.eu/
SPEAR/index.php).

To characterize the propagation of effects from pesticide-
driven structural changes to ecosystem functions, the response
of the invertebrate-driven leaf breakdown rate (ki esebrare) > t0
changes in SPEAR e Was investigated. The leaf breakdown
rate is not stressor-specific and hence responds to different
environmental conditions.”® In contrast to species traits,30
Kinvertebrate Varies over biogeographical regions and would not be
expected to be similar across sites without pesticide
contamination because of the influence of other environmental
gradients.>’ Indeed, no relevant pesticide toxicity and only
minor variation of SPEAR.;ciqes Was detected in the sites from
South Finland, whereas the invertebrate leaf breakdown rate
varied strongly between sites in response to temperature.'”
Since the aim was to examine the link between pesticide-driven
community change and invertebrate leaf breakdown rate, these
sites were not considered for further analysis. The invertebrate
leaf breakdown rates from the French, Danish and Australian

5136

streams (Table 1) were not comparable as leafs of different tree
species were employed. Therefore, the % change in the leaf
breakdown rate ki erebrare Was calculated for each data set by
dividing all values for ki, eebrate Dy the maximum value obtained
from individually fitted models for ki, ereprate @S €xplained by
SPEAR,qicies (see below). We used the maximum value from
the models fitted with all data points instead of the maximum
value for ki eqebrate from the respective raw data in order to
avoid undue influence of a single data point.

Data Analysis. Before analysis the data were divided into
sites with and without forested upstream sections, as defined in
the original publications, and analyzed separately (Table 1).
This was done because the presence of forested upstream
sections was demonstrated to alleviate the effects of pesticides
on the macroinvertebrate community as indicated by
SPEARPemddeS.7’17’26 S-shaped dose—response curves with TU
as concentration and SPEAR, ;e as response variable were
computed using two-parameter log—logistic, Weibull I and
Weibull II models with the upper limit fixed to the arithmetic
mean of the SPEAR 4, Values for reference sites and the
lower limit fixed to 0, representing the lowest possible
indicator value. In addition, linear, quadratic, and cubic
regression models were computed to check for the fit of
more parsimonious models. The best-fit model among the s-
shaped dose response models and the polynomial regression
models was selected using the Bayesian Information Criterion
(BIC). If a s-shaped dose—response curve represented the best-
fit model, we calculated the effect concentration (EC) for the
percentage (p) of reduction in SPEAR . icides for p = 10, 50 and
90%. In addition, the p value was computed for the EC related
to the log TU of —2 that is equal to the safety factor of 100,
employed in the UP of the EU. Moreover, we derived the
lowest concentration at which significant differences (a = 0.05)
to reference sites occur in the best-fit dose—response model
using 95% confidence intervals. Technically, we determined the
lowest concentration for which the 95% confidence interval of
the fitted model did not overlap with the 95% confidence
interval for the reference sites. Several of the original studies
assigned log TUs of either —5 or —4 to sites where no
pesticides were found assuming that this would represent the
minimum log TU for which no pesticide effects would occur
(Table 2). Since the minimum TU influences the dose—

Table 2. Estimated Effect Concentrations (EC) in Terms of
log TU for p = 10%, 50%, and 90% Reduction in
SPEAR,icides for the Models with and without Forested
Upstream Sections (FUS and WFUS, Respectively) and with
a Minimum log TU of —5 (low min.) or —4 (high min.)

estimated EC (in log TU)

p  FUS low min. FUS high min. WEFUS low min. WFUS high min.
10 -3.6 -29 —4.2 -3.5
S0 -17 —-14 -2.5 —2.1
90 —0.4 —0.4 —-0.6 —0.6

response modeling, all analyses were conducted for both
minimum reported TUs, that is, we assigned either a log TU of
—5 or —4 to all sites with no pesticide detections. To confirm
the results of the dose—response modeling, analysis of variance
(ANOVA) with a priori treatment contrasts was used to
identify significant differences in SPEARy;ciqe; Values between
reference sites and groups of contaminated sites in terms of
TU. The class boundaries of log TU < —3.5 (reference sites),
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Figure 1. Dose—response curves with 95% confidence bands (gray) for the relationship between log TU and SPEAR ;e for sites with forested
upstream sections (a) and for sites without forested upstream sections (b). Reference sites were assigned a minimum log TU of —4. Random noise
(0.00002) was added (jittering) to the TU values in order to show all data points in the plot. This affected primarily the sites with minimum TUs.

—3.5 <log TU < —2.5 (lightly contaminated sites), —2.5 < log
TU < —1.5 (moderately contaminated sites) and log TU >
—1.5 (highly contaminated sites) were selected in order to have
similar class widths and at least S observations in each class. A
similar classification was used in the study of Schifer et al.'”

For the examination of the propagation of effects of
pesticides on ecosystem functions, the relationship between
the invertebrate-driven leaf breakdown rate (% ki, erebrare) and
SPEARiciges Was modeled using s-shaped dose—response
models and polynomial regression models as described above,
except that three-parameter s-shaped dose response models
were fitted since no upper limit could be fixed. First, the
modeling was done separately for each country, because in the
original studies this relationship had only been examined for
the sites from Brittany, France. Subsequently, the data were
modeled jointly. For best-fit linear regression models,
significance of the slope was tested with the t test and in the
case of data from different countries, analysis of covariance
(ANCOVA) was used to detect significant differences between
slopes and intercepts from the countries. ANOVA, ANCOVA
and linear regression models were checked for normal
distribution of residuals, homoscedasticity and unusual
observations.® All computations and graphics were created
with the free and open source software R (version 2.13.1 for
Mac OS X, 10.6.8)** including supglemental packages such as
“drc” for dose—response modeling.”®

B RESULTS

Weibull I and II as well as log—logistic models were identified
as best-fit dose—response models for TU and SPEAR .q;ciges
(Supporting Information Table S2). The estimated EC,, for the
different models ranged from a log TU of —2.9 to a log TU of
—4.2 depending on a) the availability of forested upstream
sections and b) which minimum TU was assigned (Table 2).
The estimated ECy, were identical for the two minimum TUs
(Table 2). For an EC related to a log TU of —2, the fraction of
species at risk in the communities in terms of abundance was
reduced by 27% and 41% in sites with forested upstream
sections for models with a minimum log TU of —4 and —S§,
respectively (Figure 1, Figure S1). In sites without forested
upstream sections, this EC corresponded to 54% and 61%
reduction in SPEAR e Tespectively (Figure 1, Figure S1).
Significant differences (nonoverlapping 95% confidence inter-
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vals) to reference sites were observed for log TUs > —3 and
—3.5 in sites with forested upstream sections and for log TUs >
—3 and —3.6 in sites without forested upstream sections when
assigning a minimum log TU of —4 and —S5, respectively.
Similar results were obtained for the ANOVAs, in which all
sites in classes with a log TU > —3.5 exhibited a significant
difference (all p < 0.01) to reference sites (Figure 2).

0.6

0.5

0.4

0.3

SPEARpesticides

0.2

0.1

0.0

T T
(-3.5,-2.5] (-2.5,-1.5]
IOg TUD. magna

<-35 >-15

Figure 2. Arithmetic mean of SPEAR,q. values with standard
errors for different classes of toxic units (TU). The sampling sites were
divided into sites with forested upstream sections (filled points) and
sites without forested upstream sections (open points). Sample sizes of
the different classes were 44 and 9 sites with a log TU < —3.5, 10, and
12 sites with —3.5 < log TU < —2.5, 12, and 11 sites with —2.5 < log
TU < —1.5 and 4 and 9 sites with log TU > —L1.5 for sites with
forested upstream sections and sites without forested upstream
sections, respectively. All classes with TUs > —3.5 were significantly
different (all p < 0.001) to reference sites in ANOVA with treatment
contrasts.

The linear models exhibited the best-fit for the relationships
between % kinyertebrate a0d SPEAR e €Xcept for sites from
Brittany, France, for which a Weibull II model yielded a slightly
better fit (Supporting Information Table S2). However, the
slope for linear regression models was only significant for the
sites from Victoria, Australia (> = 0.46, p <0.001, n =23) and
Brittany, France (r* = 0.87, p < 0.001, n = 11), but not for the
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sites from Denmark (7* = 0.09, p = 0.31, n = 13), for which no
plausible relationship between SPEAR .gicdes and %Kiyertebrate
could be established (data not shown). The sites from
Denmark were not included in the joint dose—response
modeling, because the aim was to derive a joint relationship
between SPEARicides a0d %kinyertebrare: The best-fit model for
the joint data from France and Australia was linear (Supporting
Information Table S2) and exhibited a good fit between %
kinvertebrate and SPEARpesticides (12 = 051, p < 0.001, n 34)
(Figure 3). In ANCOVA, the intercepts for data from Brittany

A Australia
120 4 ® France

100 +

80 -|

60 -|

0
% kinverlebrates

40 +

20 -

0.2

T T

T T
0.3 0.4 0.5 0.6

SPEARpesticides

Figure 3. Linear regression model for the relationship between
SPEAR,cssicides and %okiyertebrare and for sampling sites from Brittany,
France and Victoria, Australia. The linear model explained 51% of the
variation (p < 0.001, n = 34). Note that the intercepts for data from
Brittany and Victoria were significantly different (p = 0.02) in
ANCOVA (see Results for details).

and Victoria were significantly different (p = 0.02), whereas the
slopes exhibited no significant differences (p = 0.25). However,
if the data of each region were autoscaled before ANCOVA,
neither the intercepts (p = 0.89) nor slopes (p = 0.15) were
significantly different.

B DISCUSSION

Effect Thresholds for Macroinvertebrate Commun-
ities. In our analysis, pesticide effects on the abundance of
sensitive invertebrates were found at TUs for D. magna below
0.01. Concentrations related to the safety factor incorporated in
the UP resulted in a 27% to 61% decline in the abundance of
sensitive taxa, depending on the presence of forested upstream
sections and which minimum TU was selected in modeling
(Figure 1, Figure S1). Similarly, both of the latter factors
(presence of forested upstream sections and minimum TU)
influenced the estimated effect concentrations (Table 2) and
the concentration at which significant differences to reference
sites occurred. The models with a lower minimum TU
exhibited a better fit in terms of the BIC compared to models
with a higher minimum TU (Table S2). Nevertheless, more
field data in the log TU range of —3 to —5 would be needed to
substantiate a selection between both minimum TUs. The
effect threshold was determined to be approximately 1 to 1.5
orders of magnitude lower (log TU of —3 to —3.6) than the
safety factor of the UP. However, field studies and results from
the joint analysis of studies with differing methodologies are
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subject to random and systematic uncertainties that can lead to
wider confidence bands or bias in the dose—response models
and would consequently affect the derived effect threshold.
Several uncertainties were identified as random (Supporting
Information Table S4) and presumably resulted in wider
confidence bands of the fitted dose—response curves (Figure 1,
Figure S1) as for example, the joint analysis of data obtained
from different countries, years and pesticide sampling methods
(Tablel). Nevertheless, there were no significant differences
between the studies regarding the relationship of SPEAR cicides
and TU (linear model for studies with pesticide gradients of at
least 1 log unit in terms of TU, p = 0.23, n = 58). Moreover,
some of the variation in the relationship between pesticide
toxicity and SPEAR,y;ciqe; may result from differences in the
dose—response relationship of individual compounds ie.
concentrations of different compounds relating to for example
1/100 of their ECS0 for D. magna may exert different effects on
the abundance of sensitive taxa. Two studies found that the
toxicity of a range of different organic toxicants also explained
between 68% and 87% of the variance in terms of r’* in
SPEAR,***%% suggesting that the use of toxic units for D.
magna as benchmark for the toxicity of different organic
toxicants is adequate and that the associated uncertainty is of
minor importance.

Two sources of uncertainty could result in a systematic bias
in the derived effect threshold. First, the underestimation of
pesticide toxicity due to underestimated pesticide concen-
trations or the nonmeasurement of ecotoxicologically relevant
compounds would lead to a left shift of the dose—response
curve and consequently a decrease in the effect threshold.
However, underestimation of the real concentrations by a factor
of 10 to 100 would be required in order to yield similar effect
thresholds than incorporated in the UP. We consider an
underestimation of this order of magnitude as highly unlikely
given that the field studies employed sampling techniques
especially targeted at capturing episodic pesticide exposures
(Table 1). Although the sampling techniques varied due to
differences in the pesticides monitored and regional conditions,
the relationship between pesticide toxicity in terms of TU and
SPEARqes Was not significantly different between the
studies (see above). Furthermore, the concentrations respon-
sible for the estimated TUs are in agreement with studies
monitoring pesticide runoff with 15-min or 1-h resolution in
single agricultural streams. Two studies in Central Europe
found peak herbicide concentrations of 2.5°” and 3.5 ug/L,*>*’
and a study in South Africa found insecticide concentrations
ranging from 0.2 to 2.9 yug/L in runoff events.** In the studies
with relevant pesticide contamination (TU > —4) included in
our meta-analysis, peak insecticide concentrations were in the
range between 0.3 and 1.2 pg/L (ie., Brittany, France = 0.7 ug/
L; Victoria, Australia = 1.2 ug/L; Denmark = 0.3 ug/L;
Germany = 0.5 ug/L). Moreover, it would not be expected that
all compounds are underestimated in equal measure and
underestimation should therefore increase the variability in
pesticide toxicity that relied on different compounds in all
included studies. In fact, all individual studies exhibited a very
good fit (all r* from linear models between 0.62 and 0.68) of
pesticide toxicity with the respective biotic end point. Finally,
laboratory toxicity experiments with single pyrethoid, organo-
chlorine and organophosphate insecticides demonstrated that
chronic population effects can occur 3 to 4 orders of magnitude
below acute toxicity concentrations.”' ™ This means that
effects may be expected above a TU for D. magna of —4 or —3,
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which is in line with the effect thresholds derived here. Overall,
although we agree that methodical advancements in the
characterization of episodic pesticide exposure are desirable
and that underestimation of true peak concentrations to a
certain degree may occur in the field with currently available
sampling techniques, we consider it highly unlikely that true
pesticide concentrations were 1 or 2 orders of magnitude
higher.

Second, the response of the SPEAR index to a confounding
factor that is highly correlated with pesticide toxicity would lead
to a decrease in effect thresholds (Supporting Information
Table S4). The original studies included in our analysis (Table
1) and two recent studies** identified the toxicity of the
observed stressor as the most important explanatory variable
for the respective version of the SPEAR index, whereas 8 and 9
respectively measured confounding factors exhibited no
explanatory power for SPEAR. Furthermore, three studies
demonstrated that SPEAR,;qdes decreased only in contami-
nated sites and after beginning of the pesticide application
period,”"”*” reinforcing that pesticides are the culprit because
other agricultural stressors such as eutrophication or
sedimentation are present throughout the year. Moreover,
SPEAR iciges Showed no response to physicochemical, habitat
or landscape variables in reference sites.">** Finally, albeit one
study found a difference in SPEAR . ;ciqes Detween samplings of
heterogeneous and homogeneous habitats in 13 streams in
agricultural areas, there was nevertheless a strong relationship
between SPEAR .q;ciqe; and TU for each habitat type (r* = 0.68
and 0.6 in heterogeneous and homogeneous habitats,
respectively).*’ Overall, there is only low uncertainty that the
indicated effects were not due to pesticide toxicity. Higher
uncertainty remains regarding the mechanisms causing the
observed effects of pesticides in the field. A review of mesocosm
studies regarding effects of carbamate, pyrethroid and organo-
phosphate insecticides suggested that a log TU for D. magna of
—2 would be protective for individual insecticides in the field.®
Beside methodical*® (and see debate’®®') reasons, the
difference between the field and mesocosm studies could result
from different community composition,”> repeated exposures,
pesticide mixtures™®® and the joint effects of different
stressors,***55 all of which can enhance the effects of
pesticides and are rarely considered in mesocosms. Moreover,
chronic long-term effects on merolimnic insects occurring at
concentrations related to a TU of —3 to —4 as outlined
above®™ ~* may not be detected in mesocosm studies, which
rarely exceed a study period of several months. However,
studies with a high temporal and spatial resolution would be
needed to clarify the mechanisms in the field [see ref 56].
Overall, we suggest that there is low uncertainty that our
derived effect threshold for effects of pesticides on macro-
invertebrate communities is too low and we therefore conclude
that the safety factor related to D. magna incorporated in the
EU Uniform Principles for single pesticides is not protective for
freshwater ecosystems, though the mechanisms should be
elucidated in future studies.

Effects Thresholds for the Ecosystem Function of Leaf
Breakdown. The relationship between the community
structure in terms of SPEAR| s and the percentage of
invertebrate leaf breakdown was linear in Brittany, France and
Victoria, Australia (Figure 3). This means that of several
suggested links between the community structure and
ecosystem functions (see Introduction), pesticide effects on
the abundance of sensitive macroinvertebrates seem to translate
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to a similar effect on the breakdown rate of leafs by
invertebrates. Hence, in these regions is no greater tolerance
of this important ecosystem function to pesticide contami-
nation and the effect thresholds for the abundance of SPEAR
taxa may also apply. Given that regional case studies on the
relationship between pesticides and ecosystem functions are
scarce, this result may not hold for different ecosystem
functions,® and other regions. In fact, no plausible relationship
between SPEAR,.iqes and the invertebrate leaf breakdown
rate was found for the Danish sites. Similarly, the original study
on the Danish streams only reported a statistically significant
relationship between pesticide toxicity and microbial leaf
breakdown but not with invertebrate leaf breakdown.*’
Hence, although pesticide toxicity lead to community change
in terms of SPEAR .;ciqes in the Danish sites (Figure 1), this
did not translate to effects on the ecosystem function of leaf
breakdown. This can be explained by the domination of the
shredder community by Gammarus pulex, which is a rather
tolerant species due to its ecological traits and is consequently
not classified as SPEAR.*® In fact, the density of Gammarus
pulex was significantly correlated only to the leaf breakdown
rate (p = 0.02, test for Pearson correlation, n = 13). Thus, the
effect threshold for the invertebrate leaf breakdown presumably
depends on the composition of the shredder community, and if
non-SPEAR taxa such as Gammarus pulex dominate, there may
be functional redundancy up to a certain threshold before
pesticides affect invertebrate leaf breakdown. Finally, the
question is to which extent a temporal difference between
pesticide application and leaf input from deciduous trees affects
the relationship between pesticide-driven structural changes
and invertebrate leaf breakdown (see ref 57). The studies in
France and Denmark were conducted in the period of peak
insecticide application in these regions, which precedes the
period of main input of leafs (late autumn) by several months.
Although it is known that community alterations can persist
over months,”?® it remains to be shown that the invertebrate
leaf breakdown is affected outside of the main season of
pesticide application. However, for streams receiving a relatively
constant leaf input from evergreen forests (e.g, Australian
streams),”® the influence of seasonality on the effects of
pesticides on invertebrate leaf breakdown should be of minor
importance.

Relevance for Ecological Risk Assessment of Aquatic
Ecosystems. The thresholds obtained in our study may be
relevant for pesticides and other organic compounds where
macroinvertebrates represent the most sensitive group of taxa.
In a study on the concentrations of 331 organic toxicants in
large rivers of North Germany, invertebrates were considered as
most sensitive for 110 compounds, among them many
insecticides and fungicides, whereas algae and fish represented
the most sensitive group for 142 and 79 compounds,
respectively.”® Another study reported that invertebrates were
most sensitive for 225 organic toxicants, whereas algae and fish
exhibited hi§hest sensitivity for 158 and 104 organic toxicants,
respectively.”® In this study, an effect threshold of 1/1000 of the
acute ECS0 for D. magna was suggested for the derivation of
environmental quality standards (EQS) for river basin specific
pollutants, based on an analysis of macroinvertebrate
biomonitoring and chemical monitoring data. Hence, effect
thresholds for macroinvertebrates would also be protective of
other aquatic organisms for a wide range of compounds. The
relatively good relationship between pesticide toxicity in terms
of TU and SPEAR in our study is remarkable, considering that
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the macroinvertebrate data originated from different regions in
Europe, Siberia and Australia and the low explanatory power for
biotic end points often seen in ecological meta-analyses.”” Our
study therefore supports the use of trait-based approaches in
risk assessment to identify the impact of anthropogenic
stressors on a continental or even global scale.!1°

Without knowing the temporal and spatial dimension of the
reduction in the abundance of sensitive macroinvertebrate
populations in this study, it is not possible to decide whether
the observed effects on the communities were transient or long-
term, defined as no complete recovery until the spraying period
in the consecutive year. In the latter case, the effects would be
unacceptable for the requirements of the EU directive for the
placement of plant protection products on the market.”®'
However, we suggest that current exposure of freshwater
ecosystems to pesticides may be unacceptable for the
requirements of this and other EU directives. First, one field
study showed long-term effects, that is, that no recovery of the
communities occurred until the prespraying period of the
following year.” Second, given that pesticides are widely applied
in agriculture, which represents the dominant land use in the
EU and elsewhere, and that pesticides frequently occur in
streams and rivers in concentrations above effect thresholds,*
the associated reduction in the abundance of sensitive taxa may
lead to losses in biodiversity on a regional scale (y-diversity) as
also indicated by other studies.®** Since a recent EU Directive
requires that the risks for biodiversity from pesticides be
minimized,** more pesticide mitigation measures may be
needed to comply with this Directive. Our study highlighted
on the basis of a comprehensive data set that forested upstream
sections can reduce adverse effects of pesticides on the
macroinvertebrate community, especially under low pesticide
contamination as indicated by higher effect thresholds (Table
2). Hence, together with other risk mitigation measures such as
pesticide use reduction, buffer strips and vegetated treatment
systems,”*>%® the conservation and increase of landscape
patches without agricultural disturbance may somewhat
alleviate the effects of pesticides in aquatic ecosystems.
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